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Abstract 8 

Although acidification is a natural soil formation process, atmospheric emissions of nitrogen and 9 

sulphur have exposed forest ecosystems to accelerated anthropogenic acidification for many decades. In Italy 10 

nitrogen deposition loads are high, and among the highest in Europe. Data from the Italian ICP-Forests 11 

monitoring network have shown that nitrogen deposition increases tree growth, and consequently the 12 

organic carbon sequestration. However, the accumulation of nitrogen in the ecosystem could cause nutrient 13 

imbalances and contribute to soil acidification. Within this context, we investigated the temporal changes of 14 

atmospheric deposition and soil solution concentration in the Italian ICP-Forests using the non-parametric 15 

Seasonal Mann Kendall (SMK) test. Further, we applied input-output models, to evaluate the capabilities of 16 

the soil-forest system to retain deposited nitrogen and thus protect underground waters. 17 

Increase of soil solution pH was observed in most of the sites, likely due to sulphate deposition 18 

decrease with a concomitant high and stable natural exchangeable base deposition. For the sites around the 19 

Po plain, however, high levels of nitrogen deposition impede pH increase. The site with the maximum mineral 20 

N deposition showed signs of active acidification.  The analysis of the fluxes of nitrogen compounds 21 

demonstrates a complete retention of the ammonium forms, which further contribute to acidification 22 

through nitrification. Furthermore, the Italian monitoring network showed that the retention of nitrogen in 23 

the soil-forest system was effective since the observed N fluxes in mineral soil were strongly reduced 24 

compared to mineral N input in most of the plots. In spite of this, significant 𝑁𝑂3
− fluxes from the subsoil 25 

were observed in sites with high deposition, and also in the southernmost site which is exposed to relatively 26 
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low mineral N loads. Drivers other than pollution should also be considered since N can follow different 27 

pathways at different time scales, influencing N leaching independently from the amount of deposition.  28 

 29 

1. Introduction 30 

Since the late 1970s, post-industrial human activities caused a distortion of major biogeochemical 31 

cycles, arising from high emissions of sulphur (S) and nitrogen (N) from fossil fuel combustion and agriculture, 32 

and resulting in increased levels of acid deposition in many ecosystems (Phoenix et al., 2006; Galloway et al., 33 

2008). Recently, several “planetary boundaries” (PB) have been proposed to define a safe operating space 34 

for humanity on a stable Earth system (Rockstrom et al., 2009). According to this concept, certain boundaries 35 

concerning biogeochemical fluxes have already been exceeded, especially those related to nitrogen cycles 36 

(Steffen et al., 2015). 37 

High nitrate (𝑁𝑂3
−) and sulphate ( 𝑆𝑂4

−2) concentrations in atmospheric deposition can be related to 38 

water and soil acidification (Ronse et al., 1988; Norton et al., 2004; De Schrijver et al., 2006; Sherman et al., 39 

2006; Stevens et al., 2009; Oulehle et al., 2010). Long-term excesses of N and S compound deposition cause 40 

unfavourable conditions in forest soils (Verstraeten et al., 2012). Despite the positive function of N deposition 41 

as a nutrient on forest growth rates, a potential negative effect at sites with high N deposition has been 42 

recognized at continental scale in Europe (Etzold et al., 2020). Further, high nitrate concentrations in surface 43 

and ground waters can lead to eutrophication of waters (Aber et al., 1998; Fenn et al., 1998; Rabalais, 2002) 44 

and potential health problems (Briand et al., 2017). Critical limits for N concentrations in soil solution were 45 

frequently exceeded between the early 1990s and 2006 in Europe (Iost et al., 2012). With respect to the 46 

acidifying effects of nitrogen deposition on soils, the potential contribution of ammonium (NH4) deposition 47 

also needs to be considered, in addition to the effect of nitric acids, as microbial nitrification and assimilation 48 

in soil involve the within-soil production of large amounts of protons (Rodhe et al., 2002). 49 

In recent decades, emission abatement strategies, drawn within the Convention on Long-Range 50 

Transboundary Air Pollution (CLRTAP; UNECE, 1979) in Europe, have resulted in large decreases in S 51 
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emissions, while nitrogen emissions also decreased, but not to the same extent (EEA, 2018).  In Europe,  𝑆𝑂4
−2 52 

and 𝑁𝑂3
− depositions decreased by 73% and 33%, respectively, between 1990 and 2012 (Colette et al., 2016). 53 

In Italy, emissions decreased by 93%, 63% and 19%, respectively for SO2, NOx and NH3 from 1990 to 2016 54 

(Taurino et al., 2018). As an effect of decreasing emissions, a substantial reduction in acid deposition has 55 

occurred in Italy (De Marco et al., 2019), as in most of Europe (Waldner et al., 2014; Karlsson et al., 2011).  56 

A comprehensive study on the response of soil solution chemistry to decreasing acid deposition 57 

across Europe found that a reduction of acidifying atmospheric deposition has not produced clear signs of 58 

soil recovery (Johnson et al., 2018). The concomitant decrease of BCE at European scale may partly explain 59 

the observed low soil recovery (Johnson et al., 2018). Some authors have demonstrated how BCE deposition 60 

can also be due to industrial activities, such as mining (Davidson et al., 2020; Watmough et al., 2014) or 61 

quarrying (Oulehle et al., 2006) and that the general decrease of “heavy” industrial activities in the developed 62 

world is a likely cause of BCE deposition decrease. 63 

Italy, due to its geographical position, receives large amounts of deposition from marine aerosol and 64 

Saharan dust (Lequy et al., 2012; Costantini et al., 2018; Cecchini et al., 2019) and is subjected to a component 65 

of atmospheric deposition which is lesser or absent in northern European countries. The most represented 66 

chemical species in this Mediterranean pattern of deposition are base cations and chloride, for which a 67 

significant gradient of decrease from south to north is observed (Ehrmann et al., 2017; Cecchini et al, 2019). 68 

Episodic inputs like those associated with Saharan dust events were registered in the Alps (Rogora et al., 69 

2004) and can also have a significant impact on ecosystems in remote areas (Psenner, 1999). In the 70 

meantime, anthropogenic nitrogen and sulphur depositions play a major role in Northern Italy. Some of the 71 

highest N deposition loads are concentrated in the Po plain, one of the most urbanised and industrialised 72 

areas of Europe. Studying the long-term trends of alkaline and acid compounds in both atmospheric 73 

deposition and soil solutions is of interest for the Italian territory where sites cover different geographical 74 

patterns. The soil solution composition provides an indication of nutrient availability (Sherman et al., 2006), 75 

potential acid stress to vegetation (Oulehle et al., 2010; Binkley and Fisher, 2013), as well as on potential 76 

exceedances of deposition critical loads. However, in contrast to studies on surface waters, the few regional 77 
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Mediterranean studies on the response of soil solution chemistry to deposition (Avila et al., 1995, Rodà et 78 

al., 1990) focused on short time periods without capturing temporal trends. Long term assessments of 79 

changes in soil solution in relation to deposition are lacking for Mediterranean forest ecosystems, 80 

notwithstanding the peculiarities of the atmospheric deposition in this region. 81 

Within this context, we aim to explore the specific impacts of peculiar atmospheric deposition, 82 

hypothesising a strong influence of aeolian dusts and aerosol on forest soil ecosystem in Italy, as 83 

representative of the Mediterranean region. Our main objectives are a) to evaluate the long-term trends in 84 

soil solution concentrations in relation to deposition trends; b) to investigate the soil response to pollution 85 

changes, defining trends in soil solution pH; and c) to identify sites where the transfer of reactive N from 86 

atmospheric pollution to groundwater is a potential concern. We tested the hypothesis that the processes of 87 

Italian forest soil acidification, as indicated by soil solution composition, showed different trends compared 88 

with those of other European countries. We expect a positive impact on soil solution pH due to a decrease 89 

of atmospheric sulphate deposition whereas BCE deposition is constant. At the same time, we hypothesize 90 

that the constant high levels of nitrogen deposition around the Po valley, a “hot N point” in the North of Italy, 91 

could neutralize the positive impact of declining atmospheric sulphate deposition. 92 

2. Materials and methods 93 

 94 

2.1 Study sites 95 

We used data of deposition and elemental concentrations in soil solutions recorded at six forest plots 96 

of the ICP Forests Level II intensive monitoring network in Italy (Table 1 and Fig 1). The main site and soil 97 

characteristics of LAZ1, EMI1, VEN1 and PIE1 were previously described by Cecchini et al. (2019). The other 98 

two sites are both represented by beech forest (Fagus sylvatica). The ABR1 site is located at an altitude of 99 

1500 m a.s.l. in the upper slopes of the calcareous Serra Lunga ridge, in the Apennines. “Terra Rossa” soils 100 

develop on a hard, stratified, Cretaceous-age limestone and the soil parent-material is likely made up of a 101 

mixture of limestone residue and aeolian dusts (Cecchini et al., 2002).  A relevant contribution from air-fall 102 
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volcanic ashes is known for this area (Ferrari and Malesani 1973). The CAL1 area is located at an altitude of 103 

1100 m a.s.l., on the edge of the Aspromonte National Park (RC). It is rainy site, with an average annual 104 

precipitation of 1300 mm, and this balances for the relatively southern location of this beech forest.  105 

2.2 Sample collection and analysis 106 

For the 6 studied sites (Table 1), almost continuous data series covering the period 1998-2017 are 107 

available. Deposition was sampled using “bulk” samplers, i.e. funnels continuously exposed. Three bulk 108 

samplers were located in the open field, in a clearance close to the monitoring plot, while 16 samplers were 109 

located under forest canopy, to collect the “throughfall” deposition. Deposition sample collection and 110 

analysis were subject to quality assurance and quality control checks including the use of control charts for 111 

internal reference, charge balance and participation in laboratory ring tests (König et al., 2013). 112 

The soil solution sampling started in 1997 with a single site (ABR1), was extended in 1999 to LAZ1 113 

site and then progressively, to the other sites, as detailed in Table 1. Soil solutions were collected at several 114 

depths. The gravity lysimeters (filtering plates) were inserted just below the forest floor (FF), except at the 115 

steeply sloping sites (PIE1). The tension lysimeters (suction cups) were inserted at three different depths 116 

(15/20 cm, 40 cm and 60/70 cm), according to ICP-Forests (2011). The sampling took place bi-weekly, with 117 

significant interruptions in winter, due to a permanent snow cover and freezing for the northern sites (PIE1 118 

and VEN1). Sample treatment, preservation, analysis and quality control follow ICP-Forests (2011) and 119 

preceding versions (Nieminen et al., 2016). 120 

2.3 Data handling and statistical analysis 121 

For sulphur and nitrogen deposition, the monitoring results were compared with the results of the 122 

model developed by the EMEP Meteorological Synthesizing Centre – West (MSC-W), hosted by the 123 

Norwegian Meteorological Institute, for the modelling of transboundary fluxes of acidifying and eutrophying 124 

air pollutants (EMEP 2012). This model mainly consists in a source-receptor matrix estimating the 125 

contribution of the emissions to the depositions of main pollutants.  126 
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In this study, we analysed data from the forest floor (0 cm), representing the basic conditions and 127 

trend of soil input, and from the subsoil (60 or 70 cm), which should be seen as a measure of the potential 128 

risk of nitrate transfer to the watershed. Forest floor gravity lysimeters were characterized by high inter-129 

annual variability and were not installed at all sites, thus data from the shallowest tension lysimeters (topsoil, 130 

at 15 to 20 cm depth) were also systematically analysed. The soil mineral layer refers to the sum of topsoil 131 

and subsoil. For each site at each depth, data from different collectors were averaged for all sampling periods.  132 

Temporal changes were tested using the non-parametric Seasonal Mann Kendall (SMK) test for 133 

monthly atmospheric deposition and for monthly concentrations of soil solutions in R statistical environment 134 

(R version 3.5.0 (2018-04-23)) using rkt package (Marchetto, 2015). For the atmospheric deposition, the 135 

mean relative change per year (y-1) was estimated: 136 

𝑟𝑠𝑙𝑜𝑝𝑒 =
𝑏

𝑚𝑒𝑎𝑛(𝑦)
 (1) 137 

where b is the absolute long-term slope, and mean(y) is the mean value of the time series (Waldner et al., 138 

2014). Results of the time series are then reported in % y-1. Ammonium in soil solution was close to or below 139 

the detection limit for most plots in the lysimeters installed in the mineral soil and only data from the organic 140 

layer were analysed for trends. 141 

Spearman's rank correlation coefficient was applied as a nonparametric measure of rank correlation between 142 

nitrogen deposition and precipitation. 143 

2.3.1 Soil mineral N fluxes  144 

The chloride tracer approach was adopted to estimate water flux through the soil as described by 145 

Cecchini et al. (2019). Briefly, the water fluxes for each soil layer l were calculated as follows: 146 

𝐽𝑤𝑙 =
𝑇𝐹𝐶𝑙

𝑟𝐶𝑙𝑙
 (2) 147 

where Jwl is the water flux, in mm y−1, at layer l; TFCl is Cl− TF deposition, in mg m−2 y−1 and rCll is the median 148 

Cl− soil solution concentration at l, in mg l−1.  149 
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The flux of 𝑁𝑂3
− and 𝑁𝐻4

+, Jil, was estimated by multiplying the relevant Jwl value for the median soil solution 150 

concentration, ril, for the same layer and period. The overall budget for 𝑁𝑂3
− and  𝑁𝐻4

+ (Bi) was then 151 

calculated as follows: 152 

𝐵𝑖 = 𝑇𝐷𝑖 − 𝐽𝑖𝑠 (3) 153 

where s is the layer of the deepest samplers. 154 

 155 

3. Results  156 

3.1 Long-term trends in deposition chemistry  157 

Data on bulk and throughfall deposition are presented in Table 2 and in Fig. S1. All the time series 158 

were long enough to guarantee the robustness of the results. No significant temporal changes were detected 159 

for open field precipitation (BDH) and throughfall precipitation among all the studied sites. A seasonal Kendall 160 

test (SKT) performed on monthly  𝑆𝑂4
−2 deposition values showed significant decreasing trend for all sites 161 

(Table 3), with a marked year variability due to the high marine contribution to sulphate from the 162 

Mediterranean Sea. In deposition nitrogen was found in the form of the two major compounds: ammonium 163 

(𝑁𝐻4
+) and nitrate (𝑁𝑂3

−). Year-to-year variability was less marked than in the case of sulphate deposition 164 

(Fig. S1), but a slight decreasing trend was shown by nitrate deposition (Table 3). For 𝑁𝐻4
+, significant 165 

decreasing trends were found only in sites in Central Italy. BCE deposition was high (Table 2), stable, and no 166 

significant changes were observed at all sites except for EMI1, where a decreasing trend was observed (Table 167 

3).  168 

 169 

3.2 Soil solution chemistry and temporal trends 170 

The sulphate concentration in soil solution (Fig. 2) showed change with depth for most of the sites, 171 

except for CAL1 and ABR1. For EMI1 and LAZ1 a significant increase of sulphate from the shallow to the 172 

deepest soil was observed. Nitrates were present in the organic layers at all sites, while differences in 𝑁𝑂3
− 173 
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concentration were found in the mineral soil layers, and for CAL1, EMI1 and VEN1 the values were higher 174 

than 1 mg N l-1, a proposed threshold for critical N leaching and saturation (Gundersen et al., 2006). A 175 

common feature to all sites is the almost complete absence of  𝑁𝐻4
+  in the mineral soils at both depths, 176 

topsoil and subsoil. The base cation concentration was the lowest in the northern sites, and a latitudinal 177 

trend was observed in the organic layers. Soil solution of the organic layers was moderately to slightly acidic 178 

at most of the plots. The lowest levels of pH were found at the topsoil for EMI1, PIE1 and LAZ1 sites (Fig 2). 179 

This pH increase with depth is in accordance with observations on soil solution chemistry at European scale 180 

(Johnson et al., 2018). The observation of the time series of the forest floor (Fig. S2) clearly evidenced year-181 

to-year variation. The 𝑆𝑂4
−2 in the FF samplers showed a strong interannual fluctuation with different 182 

behaviours between the monitoring sites (Fig. S2). No trend was found at the forest floor except for LAZ1 183 

site, where 𝑆𝑂4
−2 significantly decreased.  At both analysed mineral layers, significant decreasing 𝑆𝑂4

−2
 trends 184 

were dominant among the sites (Fig. 3). However, at the subsoil, for LAZ1 and for sites with historically high 185 

𝑆𝑂4
−2 deposition, as EMI1 and VEN1, no temporal changes were observed. Interestingly, these latter sites 186 

were those that exhibited the largest decrease at the topsoil. 187 

Nitrate concentration showed different trends between sites and depths. 𝑁𝑂3
− concentrations were 188 

unchanged at all the depths at VEN1, while significantly increased at the deepest samplers for PIE1 and CAL1, 189 

and at the topsoil for EMI1 (Fig. 3). In the forest floor, 𝑁𝑂3
− increased at EMI1 and LAZ1, and decreased at 190 

ABR1 and CAL1.  Trends for LAZ1 and ABR1 were detected only for the forest floor due to a sporadic presence 191 

of 𝑁𝑂3
− within the mineral soil that precluded any statistical processing. No significant changes in 𝑁𝐻4

+ 192 

concentration in soils solution at the forest floor were found for most of the sites. However, a decreasing 193 

trend was observed at LAZ1 (slope: - 0.03 mg l-1 y-1, p<0.001) and CAL1 (slope: -0.02 mg l-1 y-1, p<0.01) sites. 194 

Increasing trends of the soil solution BCE concentration clearly dominated at most of the sites, except for 195 

ABR1 and LAZ1, which had a decreasing trend in the forest floor and in the mineral layers, respectively. The 196 

soil solution pH from the FF lysimeters showed no prevalent trends, except for VEN1 that showed a positive 197 

trend (Fig 3).198 
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3.3 Seasonal patterns of N deposition 199 

BD and TF deposition of 𝑁𝑂3
−and  𝑁𝐻4

+show little dependence on precipitation, as evidenced by the relatively 200 

low coefficients of correlation in the scatter plots at most sites (Fig. 4), except for EMI1 and PIE1. Monthly 201 

BD and TF deposition of 𝑁𝑂3
−and  𝑁𝐻4

+ indicated an overall month to month variability, with different 202 

seasonal patterns between sites (Fig. S3). For the alpine sites (PIE1 and VEN1), a peak in spring and summer 203 

was observed for TF and BD deposition of both nitrogen compounds, while the other sites showed a spring 204 

maximum followed by a slow decrease of deposition in summer. At EMI1 a fall peak was observed for all 205 

kinds of deposition. 206 

 At most sites, 𝑁𝑂3
− and 𝑁𝐻4

+ throughfall deposition were higher than bulk deposition (Fig. S3), with 207 

significant differences in the summer, from June to September. This is particularly evident for 𝑁𝑂3
− 208 

deposition, while for 𝑁𝐻4
+ this pattern was less marked at all sites, with very low differences between bulk 209 

and throughfall deposition throughout the year at PIE1 and for the sites with low N loads as ABR1 and LAZ1.  210 

3.4 Nitrogen fluxes from the forest floor and subsoil 211 

The outflow of N from the forest floor was higher than deposition at all the sites (Table 4), with a 212 

generally high contribution of 𝑁𝑂3
−. EMI1 also showed a high amount of  𝑁𝐻4

+. The principal seasonal pattern 213 

was the increase of the forest floor N outflow in spring (Fig. 5). The forest floor outflow decreased in summer 214 

due to scarcity of water flow, then raised to the maxima in fall, when the N accumulated in summer was 215 

leached (Fig. 5). At EMI1 high level of N outflow were observed also in summer. Differently from the other 216 

sites, VEN1 and ABR1 showed the maximum forest floor outflow of nitrogen in summer, when deposition 217 

was high and then regularly decreased to the end of the sampling period, despite increasing water flows. 218 

 N leaching from subsoil layers was completely inactive at LAZ1 and ABR1, limited at VEN1 and PIE1, 219 

and substantial at EMI1 and CAL1 (Table 4 and Fig. 6). The overall presence of 𝑁𝐻4
+  was sporadic in the 220 

lysimeters at the mineral soil layers, thus mineral N leaching was normally made up of 𝑁𝑂3
−. At all sites, the 221 

amount of N leached out was much smaller than either forest floor outflow or throughfall deposition. 222 

Unfortunately, for the sites on the Alps, VEN1 and PIE1, our data on soil solution chemistry were available 223 
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only for the period between May and November/December (Fig. 5 and 6); low temperatures did not allow to 224 

sample in winter. Thus, the incomplete time series provides only partial results on N leaching, and we can 225 

suppose that N leached is underestimated for PIE1 and VEN1. 226 

  227 

4. Discussion 228 

4.1 Impact of deposition on concentration and long-term trends of soil solution chemistry  229 

The year-to-year high variability observed for soil solution concentration at the forest floor suggests 230 

a linkage with the climatic characteristics of the years that modulate processes at the forest floor- through 231 

the indirect influence on forest stand and soil biological activity of microorganisms and pedofauna. These 232 

processes likely masked changes due to atmospheric deposition. Thus, the discussion will be mainly focus on 233 

the time series extracted from the mineral soil samplers, which show a much less complex behaviour with 234 

smoother long-term changes and limited seasonal effects. The deposition trends for 𝑆𝑂4
−2, 𝑁𝑂3

− and  𝑁𝐻4
+ 235 

were within the range of relative slope observed for earlier studies on European deposition trends comparing 236 

rslope values (Waldner et al., 2014). The most evident and generalized trend for all the sites was the 237 

concomitant decrease of 𝑆𝑂4
−2 from atmospheric deposition and soil solution, thus confirming the 238 

effectiveness of the abatement emission polices regarding S compounds. This result agrees with observations 239 

at the European scale (Johnson et al., 2018) and from individual forest plots (i.e. Karlsson et al., 2011; 240 

Vanguelova et al., 2010; Verstraeten et al., 2012; Waldner et al., 2014). At EMI1 and LAZ1 sites, however, a 241 

high 𝑆𝑂4
−2 concentration and no long-term decrease were observed in soil solution at 60-80 cm. At the subsoil 242 

lysimeters, Na+ concentration was also high compared to the other sites (Cecchini et al., 2019). Past marine 243 

intrusion might explain the high levels of Na+ and 𝑆𝑂4
−2, compounds typical of marine environments. 244 

Furthermore, for EMI1, despite a reduction of sulphur deposition in recent decades, the presence of sulphur-245 

contaminated soils is plausible. Before the start of the monitoring, high acid loads may have caused sulphate 246 

accumulation in soils around the Po plain (EMI1 and VEN1). For these sites, the absence of significant changes 247 

in soil solution of 𝑆𝑂4
−2 at the subsoil implied a delay of response to observed decreasing sulphate deposition, 248 
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which may be ascribed to desorption of previously deposited 𝑆𝑂4
−2 from soils (Fakhraei et al., 2016). This 249 

result is in agreement with higher release of 𝑆𝑂4
−2 from soils found in sites with historically high deposition 250 

(Oulehle et al., 2006). For the most southerly sites, 𝑆𝑂4
−2 peaks are likely linked to dry deposition of sulphate-251 

laden dusts or aerosols of marine and/or African origin, as was already found for ABR1 (Cecchini et al., 2002). 252 

Furthermore, the strong decrease of 𝑆𝑂4
−2   at 20 cm (topsoil) might suggest that the desorption process is 253 

proceeding as a front from topsoil to subsoil, which is still saturated and is receiving large 254 

𝑆𝑂4
−2 concentrations from the topsoil, thus explaining high 𝑆𝑂4

−2   concentration at the subsoil. 255 

Inorganic N in soil solutions show no significant trends in response to decreasing nitrogen deposition 256 

in most of the sites. The decreasing trends of 𝑁𝑂3
− deposition seem too slight to act on mineral N in soil 257 

solution (Table 3). Furthermore, a continuous contribution to N input due to  𝑁𝐻4
+ deposition has to be 258 

considered for all sites. The low percentage of plots with significant trends for  𝑁𝐻4
+ deposition, in the Italian 259 

forests, is comparable with findings for the rest of Europe (Waldner et al., 2014). Agriculture is the main 260 

source of NH3 emissions (94% of the total; Taurino et al., 2018) and, although abatement technologies have 261 

been introduced following the implementation of the EU IPPC Directive, NH3 emissions are still too high in 262 

Italy.  263 

For EMI1, PIE1 and CAL1, an increasing trend in 𝑁𝑂3
− concentration has been recorded at the shallow 264 

and subsoil samplers, respectively. EMI1 and PIE1 sites were loaded by nitrogen (𝑁𝑂3
− +  𝑁𝐻4

+) throughfall 265 

deposition higher than 10 Kg N ha-1 y-1, a threshold that corresponds to imbalance in input-output models 266 

(Dise and Wright 1995; Gundersen et al., 1998).  267 

Aeolian dust contribution from Saharan sources that preferentially impact sites located in south 268 

(CAL1; Fig.1) and central Italy (LAZ1; Fig. S1; Rogora et al., 2004; Cecchini et al., 2019) likely also explain the 269 

highest level of BCE for these sites where large peaks were noticeable, since Sahara outbreaks were found to 270 

be conspicuous in atmospheric deposition particulate matter also at a site 1500 km away from the source 271 

(Lequy et al., 2018). The importance of the episodic deposition of Saharan dust was underscored by the large 272 

peaks in base cation deposition at the southernmost monitoring sites (CAL1; Fig. S1) and in Central Italy (LAZ1; 273 
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Fig. S1). This likely explains the observed unchanged trends for BCE at all sites. On the other hand, the 274 

significant negative trend observed at EMI, a site located in the Po Plain, can be explained by a concomitant 275 

decrease of the pollution component to BCE (Watmough et al., 2014). 276 

At most of the sites, a positive pH trend was found for soil solution from mineral soil samplers. This 277 

was likely related to a combining effect of a general decrease of sulphate and the increase of BCE in soil 278 

solution.  These results could be interpreted as the most evident response to the decrease in 𝑆𝑂4
−2deposition 279 

as was also suggested in previous studies (de Vries et al., 2003, Verstraeten et al., 2012; Fuss et al., 2015). On 280 

the other hand, a negative topsoil pH trend was observed at EMI1, which is known to be a site with significant 281 

exceedance of critical load for N deposition (Ferretti et al., 2014). This suggests that the effect of decreasing 282 

S deposition can be neutralised by high N depositions. Furthermore, N at this site included a large amount of 283 

𝑁𝐻4
+: the production of 2 moles of H+ through nitrification of 1 mole of 𝑁𝐻4

+  increases the strength of 284 

acidification. 285 

4.2 Nitrogen fluxes from the atmosphere to the subsoil. 286 

The overall N throughfall deposition higher than bulk deposition suggests an important contribution 287 

of dry deposition, which was previously recognised as the main form of atmospheric N input in 288 

Mediterranean ecosystems (Sanz et al., 2002; Avila and Rodà 2012). The importance of dry deposition was 289 

also recently supported by isotopic analysis conducted in Mediterranean holm oak forests (Guerrieri et al., 290 

2019). In summer, total depositions generally decreased, but increased dry deposition causes TF depositions 291 

to increase their contribution and, often, to reach the highest levels. The observed input pulses of nitrogen 292 

into the forest soil after dry periods presumably originated from the washing of dry deposition accumulated 293 

in the canopy (García-Gomez et al., 2016). The observed seasonal pattern in N TF deposition may also be 294 

explained by a seasonal partitioning between atmospherically and biologically derived N-NO3; especially in 295 

summer, after a drought period, a high proportion of 𝑁𝑂3
−has been suggested to derive from nitrification at 296 

the canopy (Guerrieri et al., 2019). At EM1 and LAZ1 sites, high spring N TF deposition, may also originate 297 

from flowers and insects falling in the collectors and trapped on the filters. 298 
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From October to December, the most common pattern was for a general decrease; in the 299 

southernmost site, CAL1, the decrease was marked with respect to precipitations. For most sites, deposition 300 

appeared to be controlled either by changes in source emissions or, more likely, by changes in atmospheric 301 

circulation that either strengthen or weaken the connection with the source. The exceptions are EMI1 and 302 

PIE1 sites, where deposition of both nitrogen forms was highest and strongly correlated with precipitation, 303 

which was not observed for the other sites. It appears that sources of pollution are close, and emissions are 304 

constant, so that transport is independent from atmospheric circulation. EMI1 and PIE1 are close to the “hot 305 

N point” of the Po Plain, one of the most urbanized and cultivated area of Italy, and both NOx emission from 306 

mobile sources and the largest source of NH3 emissions due to livestock waste (Taurino et al., 2018) play a 307 

key role, being a source of pollution also for forest sites.  308 

At all sites, N released by the forest floor was higher than N deposition. This suggests that these soil-309 

forest systems were well loaded with N, which was then intensely cycled. A general increase of flux in spring, 310 

together with typical summer maxima at EMI1 and VEN1, were likely induced by increasing deposition at 311 

most sites (Fig. S3) and by the influence of high temperature on mineralization rates within the forest floor. 312 

On the other hand, at the more southern sites (CAL1 and LAZ1), the low water availability in summer strongly 313 

reduced the N outflow, while an increase was observed in fall. This was likely due to a release of nitrates 314 

previously produced and accumulated in summer.  Nitrification process was observed to begin at the canopy 315 

level, on the leaf surface, by ammonia-oxidazing archea (Guerrieri et al., 2015) and in throughfall deposition 316 

(Watanabe et al., 2016). Oxidizing microbes reach the soil via throughfall deposition and fallen leaves, further 317 

explaining the maximum release of nitrate from the forest floor in fall for all sites (Fig. 5). The low flux of 318 

𝑁𝐻4
+ out from the forest floor compared with the 𝑁𝐻4

+ throughfall input, and the high flux of nitrates leached 319 

out of the FF (Table 4), likely suggest that ammonium was at least partly nitrified within the forest floor. The 320 

H+ cation produced during nitrification possibly caused soil acidification. These observations confirm that the 321 

high level of  𝑁𝐻4
+ in atmospheric deposition represents a potential soil acidification factor in the northern 322 

sites (EMI1, VEN1 and PIE1) where  𝑁𝐻4
+ deposition were relatively high (Table 2). Furthermore, most soil N 323 

stores in dead organic matter and can be converted from insoluble organic nitrogen to dissolved organic N 324 
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(DON) by microorganisms in natural forest ecosystems, and then converted in  𝑁𝐻4
+ into the soil. Part of  325 

𝑁𝐻4
+ is assimilated by plants, immobilized by microbes, or absorbed by clay minerals.  326 

A notable feature in mineral soil was the absence of 𝑁𝐻4
+, which represents a high proportion of 327 

deposition and which is only partially retained in the forest floor (Table 4). At all sites, N was essentially 328 

retained within the mineral soil. The organic layers of most of the Italian forests is normally too thin to 329 

function as a storage (Andreetta et al., 2011), although it seems to be very active, being more a nitrogen 330 

source than a sink. The absence of 𝑁𝐻4
+ in soil solution at the deepest samplers is in line with what was 331 

observed for other European countries (eg., MacDonald et al., 2002). This is attributed to the nitrification 332 

process, converting 𝑁𝐻4
+  into 𝑁𝑂3

− (Gilliam et al., 2001) after possible temporary adsorption on soil negative 333 

charges, thus impeding fast leaching. 334 

Although the seasonal distribution showed different patterns among sites (Fig. 6), N leaching 335 

mostly took place in fall and spring. The peaks observed during the vegetative season followed either high 336 

deposition (Fig S3) or FF outflow (Fig. 5).  The winter peak at CAL1 appears to be associated with low 337 

biological uptake and high water flow. The different characteristics of the soils are likely to play a role. Soils 338 

at EMI1 and VEN1 are fine-textured, with long residence times for water; this maximizes uptake 339 

opportunities when biological activity is high, thus explaining low level of N leached in spring despite high 340 

water flow. On the contrary, soils in CAL1 and PIE1 have high permeability and short water residence times, 341 

so that peak N inputs at forest floor/mineral soil interface are transferred downwards.  342 

Fluxes of nitrogen through the studied forest-soil ecosystems thus appear to be rather complex. N 343 

deposition indirectly induced a state of N saturation that caused a high flux of N from the forest floor. In turn, 344 

N flux was heavily controlled by the effects of the mineralization rate and the water flow, thus following time 345 

patterns independent from deposition. High N forest floor outflow is very efficiently retained within the 346 

mineral soil. Leaching of N at subsoil level is absent or small in most sites (Table 4) and is important at the 347 

very-high-deposition EMI1 site but also at CAL1, despite its relatively low N deposition loads (Table 4). At EMI 348 

relevant deposition caused a continuous nitrate loss from the soil, but the observed annual outflux is lower 349 
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than at CAL1 (Table 4). This might be explained by lower precipitation and higher soil clay content at EMI1, 350 

with likely higher accumulation of N in mineral soils (Fuss et al., 2019). Moreover, microbial N uptake could 351 

lead to a significant long-term sink for N in forests if that N is subsequently transferred to stable soil organic 352 

matter (Curtis et al., 2011). Differences in SOM mineral association may influence soil biogeochemical cycling 353 

at different timescales, leading to different response to atmospheric deposition. 354 

Furthermore, the forest at CAL1 is reaching mature age and trees are showing signs of distress in the 355 

last few years; consequently, it would be expected to have declining N accumulation in biomass. This is in 356 

agreement with conceptual models of nutrient retention in ecosystems for which mature forests should 357 

experience increased nitrate (𝑁𝑂3
−) losses in response to decreased plant demand (Aber et al., 2002; 358 

Pourmokhtarian et al., 2012). On the other hand, the EMI1 forest is undergoing succession (Bertini et al., 359 

2011), thus vegetation is growing rapidly and nitrogen (N) leaching to groundwater should be lower than 360 

expected. 361 

These results on N leaching in Italian forest soils demonstrate that data on atmospheric deposition 362 

alone does not allow us to always predict the nitrogen fate in the soil. The complex nature of plant-soil 363 

feedbacks involved in the nitrogen cycle has to be considered, since the interchange of N between vegetation 364 

and soil can decouple N export and biomass dynamics, and cause forest ecosystems to retain N longer than 365 

expected (Lovett et al., 2018). Further, N dynamics depend on N-mineral association (Fuss et al., 2019) and 366 

on the nature of soil organic matter that emergent views describe as a continuum of progressively 367 

decomposing organic compounds (Lehmann and Kleber 2015). Thus, N can follow different pathways at 368 

different time scales influencing N leaching independently from the amount of deposition.  369 

 370 

5 Conclusions  371 

The evaluation of the time series for atmospheric deposition and soil solution chemistry provides 372 

evidence of reductions in 𝑆𝑂4
−2deposition and soil water 𝑆𝑂4

−2 concentrations at all Level II intensive 373 

monitoring sites across Italy, confirming the successful implementation of the emission reduction policies. 374 
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However, concerns over the local effects of excess nitrogen deposition pollution remain. Despite slightly 375 

decreasing 𝑁𝑂3
− deposition, high  𝑁𝐻4

+ deposition to northern Italian forests still appears to continue at a 376 

constant rate. For the site (EMI1) located in the Po plain, a “hot spot” concerning N deposition, soil solution 377 

pH is decreasing at the topsoil. For all the other sites, a positive response of soil solution pH to decreases in 378 

acid deposition is evident. Although acidification does not seem to be a real concern for most of the forest 379 

soils in Italy, the analysis of nitrogen fluxes from the atmosphere to the subsoil points to a potential risk of 380 

nitrate leaching. For inorganic N, the decreasing trends seem too slight to avoid exceedance of critical loads 381 

in the north, where further reduction of N emissions is needed to prevent air pollution effects on forests. 382 

Furthermore, factors other than pollution have to be considered, as evidenced by CAL1, a site in the south of 383 

Italy where, despite the relative low N atmospheric deposition, nitrate leached out from the subsoil is 384 

significant. The large variability of the Italian territory in terms of climate, geology and soil type requires 385 

careful monitoring of the forest ecosystems in order to follow up chemistry trends and fluxes in soil solutions 386 

with particular attention to nitrogen leaching concerns.  387 

 388 

Acknowledgements 389 

This research was partly funded by the European Union under the Regulation (EC) No 2152/2003 of the 390 

European Parliament and of the Council of 17 November 2003 concerning monitoring of forests and 391 

environmental interactions in the community (Forest Focus), and the LIFE projects FutMon (“Further 392 

Development and Implementation of an EU-level Forest Monitoring System”- LIFE07 ENV/D/000218) and 393 

SMART4Action (“Sustainable Monitoring and Reporting To Inform Forest- and Environmental Awareness and 394 

Protection”- LIFE13 ENV/IT/000813). Data were gathered within the CON.ECO.FOR. network, managed by 395 

Carabinieri Forestry Environmental and Agrifood Command (CUFA) - Studies and Projects office. We thank 396 

two anonymous reviewers for their constructive comments.  397 

 398 

References  399 



17 
 

Aber, J., McDowell, W., Nadelhoffer, K., Magill, A., Berntson, G., Kamakea, M., McNulty, S., Currie, W., Rustad, 400 

L., Fernandez, I. (1998) Nitrogen saturation in temperate forest ecosystems: Hypotheses revisited. 401 

BioScience, 48 (11), pp. 921-934. 402 

Aber, J.D., Ollinger, S.V., Driscoll, C.T., Likens, G.E., Holmes, R.T., Freuder, R.J., Goodale, C.L. (2002) Inorganic 403 

nitrogen losses from a forested ecosystem in response to physical, chemical, biotic, and climatic 404 

perturbations. Ecosystems, 5 (7), pp. 648-658. 405 

Andreetta, A., Ciampalini, R., Moretti, P., Vingiani, S., Poggio, G., Matteucci, G., Tescari, F., Carnicelli, S. 406 

(2011). Forest humus forms as potential indicators of soil carbon storage in Mediterranean environments. 407 

Biology and Fertility of Soils, 47 (1), pp. 31-40.  DOI: 10.1007/s00374-010-0499-zAvila, A., Bonilla, D., Rodà, 408 

F., Piñol, J., Neal, C. (1995). Soilwater chemistry in a holm oak (Quercus ilex) forest: inferences on 409 

biogeochemical processes for a montane-Mediterranean area. Journal of Hydrology, 166 (1-2), pp. 15-35. 410 

Àvila, A., Rodà, F. (2012). Changes in atmospheric deposition and streamwater chemistry over 25years in 411 

undisturbed catchments in a Mediterranean mountain environment. Science of the Total Environment, 434, 412 

pp. 18-27. DOI: 10.1016/j.scitotenv.2011.11.062 413 

Bertini, G., Amoriello, T., Fabbio, G., Piovosi, M., 2011. Forest growth and climate change: evidences from 414 

the ICP-Forests intensive monitoring in Italy. IForest 4, 262–267. 415 

 Binkley, D., and Richard F. Fisher, R.F. (2013) Ecology and Management of Forest Soils, Fourth Edition. John 416 

Wiley & Sons, Ltd. Pages 138-156. 417 

Briand, C., Sebilo, M., Louvat, P., Chesnot, T., Vaury, V., Schneider, M., Plagnes, V. (2017). Legacy of 418 

contaminant N sources to the NO3 -signature in rivers: A combined isotopic (δ15N-NO3-, δ18O-NO3- δ11 B) 419 

and microbiological investigation. Scientific Reports, 7, art. no. 41703. 420 

Cecchini, G., Carnicelli, S., Mirabella, A., Mantelli, F., Sanesi, G. (2002). Soil conditions under a fagus sylvatica 421 

CONECOFOR stand in central Italy: An integrated assessment through combined solid phase and solution 422 

studies. Journal of Limnology, 61 (1 SUPP), pp. 36-45. 423 

Cecchini, G., Andreetta, A., Marchetto, A., Carnicelli, S. (2019) Atmospheric deposition control of soil 424 

acidification in central Italy. Catena, 182, art. no. 104102 425 

Colette, A., Aas, W., Banin, L., Braban, C. F., Ferm, M., Gonzalez Ortiz, A., … Putaud, J.‐P. (2016). Air pollution 426 

trends in the EMEP region between 1990 and 2012 (pp. 5– 6). Kjeller, Norway: Norwegian Institute for Air 427 

Research. (EMEP: CCC‐Report 1/2016). Retrieved from 428 

https://www.unece.org/fileadmin/DAM/env/documents/2016/AIR/Publications/Air_pollution_trends_in_t429 

he_EMEP_region.pdf 430 

Costantini, E.A.C., Carnicelli, S., Sauer, D., Priori, S., Andreetta, A., Kadereit, A., Lorenzetti, R. (2018). Loess in 431 

Italy: Genesis, characteristics and occurrence. Catena, 168, pp. 14-33. 432 

Curtis, C.J., Evans, C.D., Goodale, C.L., Heaton, T.H.E. (2011) What Have Stable Isotope Studies Revealed 433 

About the Nature and Mechanisms of N Saturation and Nitrate Leaching from Semi-Natural Catchments? 434 

Ecosystems, 14 (6), pp. 1021-1037 435 

Davidson, C.J., Foster, K.R., Tanna, R.N. (2020). Forest health effects due to atmospheric deposition: Findings 436 

from long-term forest health monitoring in the Athabasca Oil Sands Region. Science of the Total Environment, 437 

699, art. no. 134277. 438 

De Marco, A., Proietti, C., Anav, A., Ciancarella, L., D'Elia, I., Fares, S., Fornasier, M.F., Fusaro, L., Gualtieri, M., 439 

Manes, F., Marchetto, A., Mircea, M., Paoletti, E., Piersanti, A., Rogora, M., Salvati, L., Salvatori, E., Screpanti, 440 



18 
 

A., Vialetto, G., Vitale, M., Leonardi, C. (2019) Impacts of air pollution on human and ecosystem health, and 441 

implications for the National Emission Ceilings Directive: Insights from Italy. Environment International, 125, 442 

pp. 320-333. 443 

De Schrijver, A., Mertens, J., Geudens, G., Staelens, J., Campforts, E., Luyssaert, S., De Temmerman, L., De 444 

Keersmaeker, L., De Neve, S., Verheyen, K. (2006) Acidification of forested podzols in North Belgium during 445 

the period 1950-2000. Science of the Total Environment, 361 (1-3), pp. 189-195. 446 

De Vries, W., Reinds, G.J., Vel, E. (2003) Intensive monitoring of forest ecosystems in Europe 2: Atmospheric 447 

deposition and its impacts on soil solution chemistry. Forest Ecology and Management, 174 (1-3), pp. 97-115. 448 

DOI: 10.1016/S0378-1127(02)00030-0 449 

Dise, N.B., Wright, R.F. (1995) Nitrogen leaching from European forests in relation to nitrogen deposition. For 450 

Ecol Manage 71:153–61. 451 

EEA (2018). Air quality in Europe — 2018 report. EEA Report No 12/2018 452 

Ehrmann, W., Schmiedl, G., Beuscher, S., Krüger, S., 2017. Intensity of African humid periods estimated from 453 

Saharan dust fluxes. PLoS One 12 (1), e0170989. 454 

Etzold, S., Ferretti, M., Reinds, G.J., Solberg, S., Gessler, A., Waldner, P., Schaub, M., Simpson, D., Benham, S., 455 

Hansen, K., Ingerslev, M., Jonard, M., Karlsson, P.E., Lindroos, A.-J., Marchetto, A., Manninger, M., 456 

Meesenburg, H., Merilä, P., Nöjd, P., Rautio, P., Sanders, T.G.M., Seidling, W., Skudnik, M., Thimonier, A., 457 

Verstraeten, A., Vesterdal, L., Vejpustkova, M., de Vries, W. (2020) Nitrogen deposition is the most important 458 

environmental driver of growth of pure, even-aged and managed European forests. Forest Ecology and 459 

Management, 458, art. no. 117762.  DOI: 10.1016/j.foreco.2019.117762 460 

Fakhraei, H., Driscoll, C.T., Renfro, J.R., Kulp, M.A., Blett, T.F., Brewer, P.F., Schwartz, J.S. (2016). Critical loads 461 

and exceedances for nitrogen and sulfur atmospheric deposition in Great Smoky Mountains National Park, 462 

United States. Ecosphere, 7 (10), art. no. e01466. DOI: 10.1002/ecs2.1466 463 

Fenn, M.E., Poth, M.A., Aber, J.D., Baron, J.S., Bormann, B.T., Johnson, D.W., Lemly, A.D., McNulty, S.G., Ryan, 464 

D.F., Stottlemyer, R. (1998). Nitrogen excess in North American ecosystems: Predisposing factors, ecosystem 465 

responses, and management strategies. Ecological Applications, 8 (3), pp. 706-733 466 

Ferrari, G.A., Malesani, P.  (1973).  Micromorphology and mineralogy of some acid brown soils (Umbrepts) in 467 

the meadows of the central calcareous Apennine (Abruzzo-It-aly). Atti Soc.  Tosc.  Sci.  Nat.  Mem. Serie  A,  468 

LXXX:  59-67 469 

Ferretti, M., Marchetto, A., Arisci, S., Bussotti, F., Calderisi, M., Carnicelli, S., Cecchini, G., Fabbio, G., Bertini, 470 

G., Matteucci, G., de Cinti, B., Salvati, L., Pompei, E. (2014) On the tracks of Nitrogen deposition effects on 471 

temperate forests at their southern European range - an observational study from Italy. Global Change 472 

Biology, 20 (11), pp. 3423-3438. DOI: 10.1111/gcb.12552 473 

Fuss, C.B., Driscoll, C.T., Campbell, J.L. (2015) Recovery from chronic and snowmelt acidification: Long-term 474 

trends in stream and soil water chemistry at the Hubbard Brook Experimental Forest, New Hampshire, USA. 475 

Journal of Geophysical Research G: Biogeosciences, 120 (11), pp. 2360-2374.  DOI: 10.1002/2015JG003063 476 

Fuss, C.B., Lovett, G.M., Goodale, C.L., Ollinger., S.V., Lang, A.K., Ouimette, A.P. (2019) Retention of Nitrate-477 

N in Mineral Soil Organic Matter in Different Forest Age Classes. Ecosystems (2019) 22: 1280. 478 

https://doi.org/10.1007/s10021-018-0328-z 479 



19 
 

Galloway, J.N., Townsend, A.R., Erisman, J.W., Bekunda, M., Cai, Z., Freney, J.R., Martinelli, L.A., Seitzinger, 480 

S.P., Sutton, M.A. (2008) Transformation of the nitrogen cycle: Recent trends, questions, and potential 481 

solutions. Science, 320 (5878), pp. 889-892.  482 

García-Gómez, H., Aguillaume, L., Izquieta-Rojano, S., Valiño, F., Àvila, A., Elustondo, D., Santamaría, J.M., 483 

Alastuey, A., Calvete-Sogo, H., González-Fernández, I., Alonso, R. (2016). Atmospheric pollutants in peri-484 

urban forests of Quercus ilex: evidence of pollution abatement and threats for vegetation. Environmental 485 

Science and Pollution Research, 23 (7), pp. 6400-6413. DOI: 10.1007/s11356-015-5862-z 486 

Gilliam, F.S., Yurish, B.M., Adams, M.B. (2001) Temporal and spatial variation of nitrogen transformations in 487 

nitrogen-saturated soils of a central Appalachian hardwood forest. Can. J. For. Res. 31: 1768–1785. 488 

Guerrieri, R., Vanguelova, E.I., Michalski, G., Heaton, T.H., Mencuccini, M. (2015) Isotopic evidence for the 489 

occurrence of biological nitrification and nitrogen deposition processing in forest canopies. Glob Chang Biol 490 

21:4613–4626. 491 

Guerrieri, R., Lecha, L., Mattana, S., Calíz, J., Casamayor, E., Barceló, A.,  Michalski, G., Peñuelas, J., Avila, A., 492 

Mencuccini, M. (2019). Partitioning between atmospheric deposition and canopy microbial nitrification into 493 

throughfall nitrate fluxes in a Mediterranean forest. Journal of Ecology https://doi.org/10.1111/1365-494 

2745.13288  495 

Gundersen, P., Callesen, I., de Vries, W. (1998) Nitrate leaching in forest ecosystems is related to forest floor 496 

C/N ratios. Environ Pollut. 102:403–7. 497 

Gundersen, P., Schmidt, I.K., Raulund-Rasmussen, K. (2006). Leaching of nitrate from temperate forests - 498 

Effects of air pollution and forest management. Environmental Reviews, 14 (1), pp. 1-57. 499 

Hannes, P., Hörtnagl, P., Reche, I., Sommaruga, R. (2014). Bacterial diversity and composition during rain 500 

events with and without Saharan dust influence reaching a high mountain lake in the Alps. Environ. Microbiol. 501 

Rep., 6, 618-624, 10.1111/1758-2229.12175. 502 

Iost, S., Rautio, P., Lindroos, A.-J. (2012). Spatio-temporal trends in soil solution Bc/Al and N in relation to 503 

critical limits in European forest soils. Water, Air, and Soil Pollution, 223 (4), pp. 1467-1479. 504 

Johnson, J., Graf Pannatier, E., Carnicelli, S., Cecchini, G., Clarke, N., Cools, N., Hansen, K., Meesenburg, H., 505 

Nieminen, T.M., Pihl-Karlsson, G., Titeux, H., Vanguelova, E., Verstraeten, A., Vesterdal, L., Waldner, P., 506 

Jonard, M. (201). The response of soil solution chemistry in European forests to decreasing acid deposition. 507 

Global Change Biology, 24 (8), pp. 3603-3619. 508 

Karlsson, P. G., Akselsson, C., Hellsten, S., Karlsson, P.E. (2011). Reduced European emissions of S and N - 509 

Effects on air concentrations, deposition and soil water chemistry in Swedish forests. Environmental 510 

Pollution, 159 (12), pp. 3571-3582. 511 

König, N., Cools, N., Derome, K., Kowalska, A., De Vos, B., Fürst, A., … Tartari, G. A. (2013). Chapter 22—Data 512 

quality in laboratories: Methods and results for soil, foliar, and water chemical analyses. In M. Ferretti & R. 513 

Fischer (Eds.), Developments in environmental science (Vol. 12, pp. 415– 453). Oxford, UK: Elsevier 514 

Lehmann, J., Kleber, M. (2015) The contentious nature of soil organic matter. Nature, 528 (7580), pp. 60-68. 515 

Lequy, É., Conil, S., Turpault, M.-P. (2012) Impacts of Aeolian dust deposition on European forest 516 

sustainability: A review. Forest Ecology and Management, 267, pp. 240-252. 517 

Lequy, E., Avila, A., Boudiaf Nait Kaci, M., Turpault, M-P. (2018). Atmospheric deposition of particulate matter 518 

between Algeria and France: Contribution of long and short-term sources. Atmospheric Environment, 519 

Volume 191, Pages 181-193. https://doi.org/10.1016/j.atmosenv.2018.08.013. 520 

https://doi.org/10.1016/j.atmosenv.2018.08.013


20 
 

Lovett, G.M., Goodale, C.L., Ollinger, S.V., Fuss, C.B., Ouimette, A.P., Likens, G.E. (2018) Nutrient retention 521 

during ecosystem succession: a revised conceptual model. Frontiers in Ecology and the Environment, 16 (9), 522 

pp. 532-538. 523 

 Lucas, R.W., Klaminder, J., Futter, M.N., Bishop, K.H., Egnell, G., Laudon, H., Högberg, P. (2011) A meta-524 

analysis of the effects of nitrogen additions on base cations: Implications for plants, soils, and streams. Forest 525 

Ecology and Management, Volume 262, Issue 2, Pages 95-104, 526 

https://doi.org/10.1016/j.foreco.2011.03.018. 527 

MacDonald, J.A., Dise, N.B., Matzner, E., Armbruster, M., Gundersen, P., Forsius, M. (2002) Nitrogen input 528 

together with ecosystem nitrogen enrichment predict nitrate leaching from European forests. Global Change 529 

Biology, 8 (10), pp. 1028-1033. 530 

Marchetto, A (2015). Package rkt https://cran.r-project.org/web/packages/rkt/rkt.pdf 531 

Nieminen, T., De Vos, B., Cools, N., Koenig, N., Fischer, R., Iost, S., … Graf Pannatier, E. (2016). Part XI: Soil 532 

solution collection and analysis. In UNECE ICP Forests Programme Co‐ordinating Centre (Ed.), Manual on 533 

methods and criteria for harmonized sampling, assessment, monitoring and analysis of the effects of air 534 

pollution on forests (pp.  6– 19). Eberswalde, Germany: Thünen Institute of Forest Ecosystems. 535 

Norton, S.A., Fernandez, I.J., Kahl, J.S., Reinhardt, R.L. (2004) Acidification trends and the evolution of 536 

neutralization mechanisms through time at the Bear Brook Watershed in Maine (BBWM), U.S.A. Water Air 537 

Soil Pollut, 4, 289-310 538 

Oulehle, F., Hofmeister, J., Cudlín, P., Hruška, J. (2006) The effect of reduced atmospheric deposition on soil 539 

and soil solution chemistry at a site subjected to long-term acidification, Načetín, Czech Republic. Science of 540 

the Total Environment, 370 (2-3), pp. 532-544.  DOI: 10.1016/j.scitotenv.2006.07.031 541 

Oulehle, F., Hleb, R., Houška, J., Šamonil, P., Hofmeister, J., Hruška, J. (2010) Anthropogenic acidification 542 

effects in primeval forests in the Transcarpathian Mts., western Ukraine. Sci. Total Environ, 408, pp. 856-864 543 

Phoenix, G.K., Hicks, W.K., Cinderby, S., Kuylenstierna, J.C.I., Stock, W.D., Dentener, F.J., Giller, K.E., Austin, 544 

A.T., Lefroy, R.D.B., Gimeno, B.S., Ashmore, M.R., Ineson, P.( 2006) Atmospheric nitrogen deposition in world 545 

biodiversity hotspots: The need for a greater global perspective in assessing N deposition impacts Global 546 

Change Biology, 12 (3), 470-476. 547 

Pourmokhtarian, A., Driscoll, C.T., Campbell, J.L., Hayhoe, K. (2012) Modeling potential hydrochemical 548 

responses to climate change and increasing CO<inf>2</inf> at the Hubbard Brook Experimental Forest using 549 

a dynamic biogeochemical model (PnET-BGC). Water Resources Research, 48 (7), art. no. W07514 550 

Psenner, R. (1999) Living in a dusty world: Airborne dust as a key factor for alpine lakes. Water, Air, and Soil 551 

Pollution, 112 (3-4), pp. 217-227. 552 

R Core Team (2018) R: A Language and Environment for Statistical Computing. R Foundation for Statistical 553 

Computing, Vienna, Austria (2018) URL: http://www.R-project.org/ 554 

Rabalais, N.N. (2002) Nitrogen in aquatic ecosystems. Ambio, 31 (2), pp. 102-112. 555 

Rockström, J., Steffen, W., Noone, K., Persson, Å., Chapin, F.S., Lambin, E.F., Lenton, T.M., Scheffer, M., Folke, 556 

C., Schellnhuber, H.J., Nykvist, B., De Wit, C.A., Hughes, T., Van Der Leeuw, S., Rodhe, H., Sörlin, S., Snyder, 557 

P.K., Costanza, R., Svedin, U., Falkenmark, M., Karlberg, L., Corell, R.W., Fabry, V.J., Hansen, J., Walker, B., 558 

Liverman, D., Richardson, K., Crutzen, P., Foley, J.A. (2009) A safe operating space for humanity. Nature, 461 559 

(7263), pp. 472-475. 560 

https://doi.org/10.1016/j.foreco.2011.03.018


21 
 

Rodà, F., Avila, A., Bonilla, D. (1990). Precipitation, throughfall, soil solution and streamwater chemistry in a 561 

holm-oak (Quercus ilex) forest. Journal of Hydrology, 116 (1-4), pp. 167-183. 562 

Rodhe, H., Dentener, F., Schulz, M. (2002) The global distribution of acidifying wet deposition. Environmental 563 

Science and Technology, 36 (20), pp. 4382-4388. 564 

Rogora, M., Mosello, R., Marchetto, A. (2004). Long-term trends in the chemistry of atmospheric deposition 565 

in Northwestern Italy: The role of increasing Saharan dust deposition. Tellus, Series B: Chemical and Physical 566 

Meteorology, 56 (5), pp. 426-434. 567 

Rogora, M., Arisci, S., Marchetto, A. (2012) The role of nitrogen deposition in the recent nitrate decline in 568 

lakes and rivers in Northern Italy. Science of the Total Environment, 417-418, pp. 214-223. 569 

Ronse, A., Temmerman, L.D., Guns, M., Borger, R.D. (1988) Evolution of acidity, organic matter content, and 570 

CEC in uncultivated soils of North Belgium during the past 25 years. Soil Science, 146 (6), pp. 453-460.  DOI: 571 

10.1097/00010694-198812000-00006 572 

Sanz, M.J., Carratalá, A., Gimeno, C., Millán, M.M. (2002) Atmospheric nitrogen deposition on the east coast 573 

of Spain: Relevance of dry deposition in semi-arid Mediterranean regions. Environmental Pollution, 118 (2), 574 

pp. 259-272. DOI: 10.1016/S0269-7491(01)00318-9 575 

Sherman, J., Fernandez, I.J., Norton, S.A., T. Ohno, T., L. Rustad, L. (2006). Soil aluminum, iron, and 576 

phosphorus dynamics in response to long-term experimental nitrogen and sulfur additions at the bear brook 577 

watershed in Maine, USA. Environ. Monit. Assess, 121, 421-429. https://doi.org/10.1007/s10661-005-9140-578 

2 579 

Steffen, W., Richardson, K., Rockström, J., Cornell, S.E., Fetzer, I., Bennett, E.M., Biggs, R., Carpenter, S.R., De 580 

Vries, W., De Wit, C.A., Folke, C., Gerten, D., Heinke, J., Mace, G.M., Persson, L.M., Ramanathan, V., Reyers, 581 

B., Sörlin, S. (2015). Planetary boundaries: Guiding human development on a changing planet. Science, 347 582 

(6223), art. no. 1259855 583 

Stevens, C.J., Dise, N.B., Gowing, D.J. (2009) Regional trends in soil acidification and exchangeable metal 584 

concentrations in relation to acid deposition rates. Environ. Pollut, 157, 313-319 585 

Taurino, E., Bernetti, A., De Lauretis, R., D’Elia, I., Di Cristofaro, E., Cordella, M., Gagna, A., Gonella, B., Lena, 586 

F., Pantaleoni, M., Peschi, E., Romano, D., Vitullo, M., (2018) Italian Emission Inventory 1990-2016. 587 

Informative Inventory Report 2018. ISPRA- Institute for Environmental Protection and Research. p. 195 588 

Vanguelova, E.I., Benham, S., Pitman, R., Moffat, A.J., Broadmeadow, M., Nisbet, T., Durrant, D., Barsoum, 589 

N., Wilkinson, M., Bochereau, F., Hutchings, T., Broadmeadow, S., Crow, P., Taylor, P., Durrant Houston, 590 

T.(2010) Chemical fluxes in time through forest ecosystems in the UK - soil response to pollution recovery. 591 

Environ Pollut. 158:1857-69. doi: 10.1016/j.envpol.2009.10.044. 592 

Verstraeten, A., Neirynck, J., Genouw, G., Cools, N., Roskams, P., Hens, M. (2012). Impact of declining 593 

atmospheric deposition on forest soil solution chemistry in Flanders, Belgium. Atmospheric Environment, 62, 594 

pp. 50-63. 595 

Waldner, P., Marchetto, A., Thimonier, A., Schmitt, M., Rogora, M., Granke, O., Mues, V., Hansen, K., Pihl 596 

Karlsson, G., Žlindra, D., Clarke, N., Verstraeten, A., Lazdins, A., Schimming, C., Iacoban, C., Lindroos, A.-J., 597 

Vanguelova, E., Benham, S., Meesenburg, H., Nicolas, M., Kowalska, A., Apuhtin, V., Napa, U., Lachmanová, 598 

Z., Kristoefel, F., Bleeker, A., Ingerslev, M., Vesterdal, L., Molina, J., Fischer, U., Seidling, W., Jonard, M., O'Dea, 599 

P., Johnson, J., Fischer, R., Lorenz, M. (2014) Detection of temporal trends in atmospheric deposition of 600 

inorganic nitrogen and sulphate to forests in Europe. Atmospheric Environment, 95, pp. 363-374.  601 



22 
 

Watanabe, K., Kohzu, A., Suda, W., Yamamura, S., Takamatsu, T., Takenaka, A., Koshikawa, M.K., Hayashi, S., 602 

Watanabe, M. (2016) Microbial nitrification in throughfall of a Japanese cedar associated with archaea from 603 

the tree canopy. SpringerPlus, 5 (1), art. no. 1596. DOI: 10.1186/s40064-016-3286-y 604 

Watmough, S.A., Whitfield, C.J., Fenn, M.E., 2014. The importance of atmospheric base cation deposition for 605 

preventing soil acidification in the Athabasca Oil Sands Region of Canada. Sci. Total Environ. 493, 1–11. 606 

 607 

 608 

 609 

Figure captions 610 

Fig. 1 Location of the 6 studied sites. 611 

Fig. 2 Concentration of S- SO_4^(-2), N-NO_3^-, base cations and pH for the forest-floor (0 cm), topsoil (20 612 

cm) and subsoil (60 cm) samples at each site. 613 

Fig. 3 Results of the trend analysis by Seasonal Kendall Test (SKT) applied to monthly data of sulphate, nitrate, 614 

ammonia and base cation concentrations at the forest floor (0 cm), topsoil (20 cm) and subsoil (60 cm) for 615 

each site. Significance of Sen’s slope: *p ≤ 0.05; **p ≤ 0.01; ***p ≤ 0.001; n.s.: not significant. 616 

Fig. 4 Scatterplot of precipitation (mm) and deposition of N-NO_3^- (red) and N-NH_4^+(black). Numbers at 617 

the top-left indicate the Spearman’s coefficient of correlation. 618 

Fig. 5 Representation of the monthly fluxes of water (Jw -bars) and nitrates (JNO3-lines) out of the forest 619 

floor for each site. Dashed lines represent the minimum and the maximum recorded nitrate flux within each 620 

time series.  621 

Fig. 6 Representation of the monthly fluxes of water (Jw -bars) and nitrates (JNO3 -lines) out of the deepest 622 

layer for each site. At ABR1 and LAZ1 sites, no presence of nitrates was observed in the deepest samplers. 623 
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Fig. 1 636 
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Fig. 3 639 

 640 



26 
 

 641 

Fig. 4 642 
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Fig. 5 645 
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Fig. 6  648 
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Table 1  651 
Main characteristics of the sampling sites and soils. 652 

Code Position Altitude 

(m a.s.l.) 

Precipitation 

(mm) 

Vegetation Soil BS* 

(%) 

Period for 

trend 

analysis** 

CAL1 38°25’N, 16°10’E 975 1880 Fagus sylvatica Haplic Umbrisol 13 2009-2017 

ABR1 41°51’N, 13°34’E 1500 950 Fagus sylvatica Humic Alisol 75 1997-2017 

LAZ1 42°49’N, 11°54’E 675 1019 Quercus cerris Cutanic Alisol 48 1999-2017 

EMI1 44°43’N, 10°12’E 225 859 Quercus petraea,  

Q. cerris 

Endostagnic 

Luvisol 

51 
2010-2017 

PIE1 45°41’N,  8°04’E 1150 1811 Fagus sylvatica Haplic Cambisol 16 2006-2017 

VEN1 46°03’N, 12°01’E 1125 1900 Fagus sylvatica Haplic Luvisol 100 2010-2017 

*Soil base saturation (B horizon) 653 
** Soil solution  654 
 655 

 656 

Table 2  657 
Average annual deposition for the time series (1998 to 2017) among sites 658 

Site Bulk deposition (kg N ha-1 y-1)  Throughfall deposition (kg N ha-1 y-1) 

 N-NO3
−

  N-NH4
+ S-SO4

2− BCE  N-NO3
−

  N-NH4
+ S-SO4

2− BCE 

CAL1 3.47 2.85 34.96 67.28  4.01 3.23 53.09 133.18 

ABR1 3.31 2.68 12.99 29.90  3.48 2.10 12.45 47.10 

LAZ1 3.32 2.42 14.70 27.20  4.56 2.07 18.10 54.17 

EMI1 4.84 6.68 12.87 12.31  8.15 10.34 18.76 37.50 

PIE1 7.34 7.97 20.18 13.46  7.99 7.68 19.16 23.92 

VEN1 5.01 12.73 20.16 22.37  5.81 6.80 18.91 42.96 

 659 

 660 
Table 3 661 
 Results of the trend analysis by Seasonal Kendall Test (SKT) applied to monthly data of atmospheric 662 
deposition, expressed as relative change for the period 1998-2017.  663 

Site Throughfall deposition (% y-1) 

 N-NO3
−

   N-NH4
+  BCE   S-SO4

2−  

CAL1 n.s.  n.s.  n.s.  -4.03 * 

ABR1 -7.32 * -4.97 * n.s.  -4.37 * 

LAZ1 -3.2 * -1.38 * n.s.  -7.27 *** 

EMI1 -2.41 * n.s.  -2.1 * -10.13 *** 

PIE1 -4.08 *** n.s.  n.s.  -5.96 *** 

VEN1 -3.78 ** n.s.  n.s.  -5.29 ** 

Level of significance: ***p < 0.001; **p < 0.01; *p < 0.05 664 

 665 
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Components of the Nmin soil budget (TF-based estimate, in kg ha-1 y-1): Jff: flux out of the forest floor; Bff: budget of the forest floor; Js: flux out of the deepest 666 
layer; BTFD: budget with TFD as input (from starting soil solution sampling year to 2015).  667 

  CAL1     ABR1     LAZ1   EMI1   PIE1§   VEN1§ 

 N-NO3
− N-NH4

+ Ntot  
N-NO3

− N-NH4
+ Ntot  N-NO3

− N-NH4
+ Ntot  N-NO3

− N-NH4
+ Ntot  N-NO3

− N-NH4
+ Ntot  N-NO3

− N-NH4
+ Ntot 

 (kg N ha-1 y-1)  (kg N ha-1 y-1)  (kg N ha-1 y-1)  (kg N ha-1 y-1)  (kg N ha-1 y-1)  (kg N ha-1 y-1) 

BD 2.8 3.2 6  3.5 3.1 6.6  3.6 2.6 6.2  4.9 6.3 11.2  2.9 3.5 6.4  2.4 8.5 10.9 

TFD 4.5 4.6 9.1  4.4 2.7 7.1  6.4 1.9 8.3  7.7 10.4 18.1  3.6 3.7 7.3  3.7 4.5 8.2 

Jff 8.4 0.8 9.2  5 0.2 5.2  8.4 2.3 10.7  20.9 5.2 26.1  - - - 
 

15.8 0.3 16.1 

Bff -3.9 3.8 -0.1  -0.6 2.5 1.9  -2 -0.4 -2.4  -13.2 5.2 -8  - - - 
 

-12.1 4.2 -7.9 

Js 3.3 0 3.3  0 0 0  0 0 0  2.6 0 2.6  0.8 0 0.8  0.9 0 0.9 

BTFD 1.2 4.6 5.8   4.4 2.7 7.1   6.4 1.9 8.3   5.2 10.4 15.6   2.8 3.7 6.5   2.8 4.5 7.3 
§For PIE1 and VEN1 sites, since soil solution sampling cover only the period from May to November, also the data reported for bulk and throughfall deposition are related to 668 
this period. The values of N deposition for the full year are reported in Table 2. 669 

 670 


